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[1] The effect of retention time on redox sequences along the hydrological flow path

of groundwater discharging through low-relief coastal stream sediments and the
subsequent impact on the fate of NO
3 carried in the groundwater was examined in two
intact cores. Rates of denitrification were determined for the organic-rich streambed
sediments, and a macroscopic, multispecies, reactive transport model based on multiple
Monod kinetics was developed to interpret and extend the experimental results.
Regionalized sensitivity analysis and parameter estimation were used to determine a set of
parameters that best describe the experimental data for one column. The calibrated model
successfully replicated the spatial profiles of nitrate under both steady and transient
conditions in the second column operated under different conditions. A dimensionless
form of the model was used to examine how coupled biogeochemical reactions and
hydrological transport processes operate within the stream sediments could be understood
in terms of Peclet (ratio of advection to dispersion) and Damkohler numbers (the ratio of
the characteristic time of transport to the characteristic time for reaction). At the study site,
the Peclet number and the Damkohler numbers for both oxygen and nitrate are high
(Pe = 25, DaN = 47.5, and DaO = 40). When Pe > 5, Damkohler numbers explain observed
variations in nitrate removal rates; as the flow rate increases, the solute residence time in
the reactive zone is shortened resulting in a lesser extent of reaction, such that more NO
3
is delivered to the stream water.
Citation: Gu, C., G. M. Hornberger, A. L. Mills, J. S. Herman, and S. A. Flewelling (2007), Nitrate reduction in streambed
sediments: Effects of flow and biogeochemical kinetics, Water Resour. Res., 43, W12413, doi:10.1029/2007WR006027.

1. Introduction
[2] Eutrophication of shallow marine and estuarine environments is a problem caused in part by the transport of
dissolved nitrogen compounds from coastal groundwater to
streams draining to the coastal bays and lagoons [Denver et
al., 2003; Lowrance et al., 1997; Phillips et al., 1993]. The
planar surface of the streambed sediments is the interface
between the surface water and the discharging groundwater.
Biogeochemical reactions that occur near this groundwater –
surface water interface (GSI) strongly affect the flux of
nutrients to surface streams, especially acting to control
fluxes of nitrogen from terrestrial to aquatic ecosystems
[Bencala et al., 1984; Galavotti, 2004; Hedin et al., 1998;
Jones and Mulholland, 2000; Weiskel and Howes, 1991].
High organic carbon contents in the sediments proximate to
the GSI and permanently saturated conditions (i.e., low
oxygen) favor nitrate (NO
3 ) attenuation by denitrification
(the microbial conversion of NO
3 to gaseous N2) [Burt et al.,
1999].
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[3] Denitrification is often concentrated in rather thin
zones of sediment underlying the GSI [Chen and Keeney,
1974; Sheibley et al., 2003a; Whitmire and Hamilton, 2005].
Chen and Keeney [1974] showed that 74– 85% of nitrate
pumped through intact cores extracted from lake sediments
was lost to denitrification. Significant nitrate removal occurred in perfusion experiments on relatively short cores in a
Minnesota stream [Sheibley et al., 2003a]. Whitmire and
Hamilton [2005] showed rapid nitrate removal in wetland
sediments near the GSI.
[4] Given that sediments near the GSI are the most active
sites for denitrification, it is not surprising that a common
finding across field studies of NO
3 removal processes in
catchments is the importance of hydrology in influencing
the extent of NO
3 removal from groundwater [Cirmo and
McDonnell, 1997; Hill, 1996]. The groundwater residence
time influences the duration of denitrification acting to
reduce the NO
3 concentration of seepage water. The
residence time can also indirectly affect NO
3 attenuation
by affecting oxygen and substrate supply in the near-GSI
sediments. The impact of residence time on biochemical
processes in groundwater is well known [Brusseau et al.,
1999a]. For example, the impact of residence time on
biodegradation was examined in laboratory experiments
reported by Angley et al. [1992], Estrella et al. [1993],
and Kelsey and Alexander [1995]. They observed greater
biodegradation at lower pore water velocities and for longer
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columns, which was attributed to the longer period of
contact between the substrate and the microorganisms.
[ 5 ] In many locations, substantial denitrification
removes NO
3 as water passes through riparian buffer
zones [Haycock and Burt, 1993; Hedin et al., 1998; Hill,
1996]. On the other hand, denitrification may be relatively
unimportant in some systems because of hydrogeological
conditions [Puckett and Hughes, 2005]. The extent to
which biogeochemical processes influence nitrate transport
will depend on both the rates of fluid transport and
chemical reactions [Harvey and Fuller, 1998]. A reasonable hypothesis is that rates of transport of nitrate to
surface waters through the GSI are controlled by the rates
at which microbial processes that catalyze denitrification
proceed relative to the groundwater specific discharge and
(often very short) path length of the biogeochemically
active zone. Use of dimensionless ratios of hydrological
and biogeochemical timescales [Ocampo et al., 2006] is a
powerful method for examining such hypotheses.
[6] A mathematical model that quantifies the kinetics of
microbial processes under conditions of pore water flow
through the GSI can be used to examine how different
timescales can affect nitrate transport. Mathematical models
for coupled advective-dispersive transport and oxidationreduction have been used for groundwater systems [Chen et
al., 1992; Kindred and Celia, 1989; Kinzelbach et al., 1991;
Molz et al., 1986; Widdowson et al., 1988]. A singlecomponent NO
3 transport model with first-order reaction
was applied in the study of NO
3 attenuation at two
agricultural catchments in Western Australia [Ocampo et
al., 2006]. The use of bulk reaction kinetics models is a
useful phenomenonological approach to describe microbially mediated denitrification near the GSI [Sheibley et
al., 2003b]. None of these models, however, has included
interactions of multiple redox species or Monod kinetics.
[7] We examined the hypothesis that the relationships
among timescales for denitrification and for groundwater
transport are useful for understanding the factors that
determine nitrate fluxes to streams. Our work is based on
observations at a field site near Oyster, Virginia. At this site,
the change in NO
3 concentration as the groundwater
discharges into the stream is striking. The average NO
3
concentration in 77 groundwater samples taken from several
monitoring wells placed in the fields adjacent to and
upgradient from the experimental hillslope was 8.95 ±
1
2.67 mg NO
3 -N L . Typically values range from 5 to

1
20 mg NO3 -N L , depending on depth and location. On
the other hand, stream concentrations averaged 2.0 mg
1
during the 4-year (a) field monitoring study.
NO
3 -N L
We conducted experiments on intact cores taken from this
site to study biogeochemical processes of NO
3 removal. A
one-dimensional transport model using multiple Monod
kinetics to simulate nitrate removal was developed and
tested against the laboratory data. The model successfully
described the transport and transformation of NO
3 in redox
transition zones. Results indicated that a Damkohler number, the ratio of a characteristic time of transport to a
characteristic time for reaction, is of primary importance
for determining the removal of the NO
3 in water discharging through the GSI at our field site. We also used the
model to explore how a Damkohler number and a Peclet
number, the ratio of a characteristic time for advection to a
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characteristic time for dispersion, interact to control nitrate
removal in general.

2. Methods
2.1. Intact Sediment Cores
[8] Our study site (37°15.50N, 75°55.750W) is in a lowrelief watershed (4.8 km2) drained by Cobb Mill Creek, on
the property of the Anheuser-Busch Coastal Research
Center (ABCRC) of the University of Virginia. The streambed of Cobb Mill Creek is mostly sand with variable
amount of organic matter imbedded. The organic matter
content in discrete sediment samples ranged between 0.05%
and 20% by weight. The highest organic content occurs in a
layer approximately 20 cm thick that is found at various
locations in the upper 30 cm of the sediment. The average
particulate organic matter (referred to as POC) content is
about 3% for that 30-cm layer and is about 0.2% for the
deeper sandy material. Two intact cores were obtained from
the stream sediments of a 20-m-long reach of Cobb Mill
Creek by driving sharpened 5-cm diameter PVC pipes
vertically into the sediments. The pipes were driven below
the water surface, capped with a rubber stopper, extracted,
sealed at the bottom, and refrigerated in the lab within 4 h
after collection. Each column was subsequently cut to
obtain a relatively undisturbed section with a length of 45
or 50 cm, respectively.
[9] The columns were mounted vertically on a rack
(Figure 1) for experiments conducted with varying flow
rates to investigate the effect of retention time on NO
3
removal. A detailed description of the laboratory column
setup and the experiments is given by Gu [2007]. Briefly,
artificial groundwater (AGW) was slowly pumped into the
columns in an upflow direction and fully permeated the
columns in between 1 and 2 d. The recipe for AGW used in
the experiment was that used by Bolster et al. [1999] which
was formulated based on the groundwater composition at
this site; it contained (per liter of deionized water): 60 mg
MgSO47H2O, 20 mg KNO3, 36 mg NaHCO3, 36 mg
CaCl2, 35 mg Ca(NO3)2 and 25 mg CaSO42H2O. Sampling
ports were inserted along the length of the core after
collection starting 5 cm from the column inlet with a
vertical interval of 5 cm for the first 8 ports, 3 cm for the
next three, and 2 cm for the last port.
[10] The columns were operated at room temperature
(24°C), upright, and under upflow conditions. A peristaltic pump was used to deliver the influent to the columns.
Initially, the columns were flushed by NO
3 -free AGW to
remove the background NO
3 in the in situ pore water. The
eluent solution then was switched to AGW with 15 mg L1
1
NO
3 -N L , the highest value of pore water nitrate concentration observed in stream piezometers [Galavotti,
2004]. Pore water samples were collected from intact
sediment cores from each sampling port using a 3-mL
syringe at 4-h intervals to determine the evolution of
concentration profiles. Experiments were continued until
an approximately steady state concentration of NO
3 -N
(plateau of breakthrough curves) was obtained in the
effluent (2 to 3 pore volumes).
[11] After the flow-through column experiment was finished, the sediment core was cut open lengthwise and
immediately subsampled at 5-cm intervals using a detipped,

2 of 10

W12413

GU ET AL.: NITRATE ATTENUATION DURING GROUNDWATER DISCHARGE

Figure 1. Schematic diagram of the laboratory column
setup. A peristaltic pump was used to pump AGW into the
intact cores from the bottom. Pore water samples were
collected through the sampling ports. An automatic fraction
collector was used for continuous sampling of effluent.
10-mL syringe as a minicorer. The subsamples were used to
measure porosity, bulk density, and total organic matter
content. Total organic matter in the sediment was determined by weight loss on ignition of the dried samples at
500°C for at least 24 h.
[12] Water samples were analyzed for nitrate and chloride
on a Dionex1 Ion Chromatograph using a Gilson1 234
Autoinjector and a Dionex IonPac AS4A1 4  250 mm
analytical column. Prior to analysis by ion chromatography,
water samples were centrifuged at approximately 6900  g
for 20 min to remove particles.
2.2. Model Development
2.2.1. Mathematical Formulation
[13] Because our field observations show that nitrate
concentrations are relatively time invariant in both surface
and groundwater, we assumed that the system is in steady
state and that microbial biomass in the sediments is constant. The steady state obtained during column experiments
should approximate the in situ situation because no organic
substrate was added [Battin et al., 2003; Sheibley et al.,
2003a]. Thus microbial growth was not included in the
model. The active biomass was assumed to be attached to
the sediment surfaces.
[14] In this study, we used a multiple-Monod equation
[Molz et al., 1986] to describe microbial reactions. The
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biological reactions simulated for the flow-through columns included aerobic respiration of dissolved organic
matter followed by denitrification. The entire fraction of
DOC, excluding any sorbed mass, was assumed to be labile
and available. Noncompetitive inhibition was used to
suppress denitrification while dissolved oxygen was present [Widdowson et al., 1988].
[15] Different thicknesses of layers rich in POC exist in
the intact cores from the field site. This solid organic matter
cannot be used directly by microorganisms. Dissolution of
the particles is a necessary step for energy acquisition. The
POC-rich layers act as a source of labile DOC for the
microbes. Robertson and Cherry [1995] presented data
showing that the release of DOC from an actively denitrifying sediment layer amended with wood chips or sawdust is a kinetic process, indicating that the effluent DOC
concentration is a function of water residence time in the
layer. The DOC adsorption studies of Jardine et al. [1992]
suggest that DOC release from POC by dissolution or
desorption can be reasonably simulated by a first-order,
mass transfer process.
[16] Four coupled equations, one for each dissolved
species (O2, NO
3 , DOC) and one for the solid species
(POC), compose the complete model (dimensional equations in Table 1). Nondimensional forms of the equations
(nondimensional equations in Table 1) were used to examine how the rate-limiting processes operate outside the
specific experimental results obtained with the columns
[Bahr and Rubin, 1987; Brusseau et al., 1999a, 1999b].
2.2.2. Numerical Solution
[17] The Galerkin finite element technique was selected
for a numerical solution of the model equations. The
dimensional equations (Table 1) can be generalized as
ðLx  Ll ÞS ¼

S nþ1  S n
Dt

ð1Þ

where S represents the mass concentration of the primary
substrate, Lx is a transport operator, and Ll represents the
dual-Monod operator. A finite difference approximation
replaces the time derivative, with n indicating the time level
and Dt = tn+1  tn. Application of the weighted-residual
finite element [Hornberger and Wiberg, 2005] results in a
set of algebraic equations written as
ð½R þ ½l þ ½Q ÞfSgnþ1=2 ¼ ½Q fSgn þ fFgn

ð2Þ

where [R] represents the tridiagonal coefficient matrices for
the transport term, [l] represents the multiple Monod decay
matrices, [Q] is the element matrix for the time derivative
term, and {F} is a specific flux vector introduced by
boundary conditions.
[18] Equation (10) represents a system of nonlinear
algebraic equations because the decay matrices [l] at the
current solution time depend on the unknown S at that time.
These nonlinear equations were solved using the predictorcorrector method proposed by Douglas and Jones [1963].
The Douglas-Jones approximation uses two equations, a
predictor and a corrector. Each equation advances the
solution one half of a time increment. The predictor,
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Table 1. Governing Equations of the Multispecies Reactive Transport Model
Dimensional Forma

Nondimensional Formb

@O
@t

C
O
= D @x2  v@O
@x  VOXb O(KC þC )(KO þO)

@N
@t

KI
C
N
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@x  VNXb NKI þO(KC þC )(KN þN )

2
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r
*
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K*
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KI þO*
KN þN *
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1
O*
C*
 DaOXOO0 *
Ko þO*
KC* þC *

dKd0
dt

= DaC(KdC*  Kd0)

@2 O

@x 2

2

1

Where n is linear pore water velocity [LT ], D is the dispersion coefficient [L2T1], O, N, C are the O2, NO
3 and DOC
concentration, respectively, [ML3], VO and VN are the maximum specific uptake rates of the substrate for aerobic respiration
and denitrification, respectively [T1], KO, KN and KC are the half-saturation constants for O2, NO
3 and DOC, respectively
[ML3], X is the biomass concentration of facultative denitrifers [ML3], KI is the inhibition constant for that substance
3
1
[ML ], C is the particular organic carbon content [MM ], b is the uptake coefficient of the solutes for biodegradation
process, Kd is the distribution coefficient [L3M1], a is first-order mass transfer coefficient [T1], r is the bulk density [ML3],
e is the porosity (dimensionless).
b
With the following dimensionless parameters: x = x/L; t = tv/L; Pe = vL/D; O* = O/O0; N* = N/N0; C* = C/C0; DaO = VOL/
v; DaN = VNL/v; DaC = aL/v; K*I = KI/O0; K*O = KO/O0; K*N = KNI/N0; K*C = KC/C0. Where x is relative distance, t is pore
volume (dimensionless), L is the column length [L], Pe is Peclet number (dimensionless), O0, N0, and C0 are the O2, NO
3 , and
DOC boundary input concentration, respectively, [ML3], O*, N*, and C* are relative concentration of O2, NO
3 , and DOC,
3 1
respectively (dimensionless). Kd0 is initial distribution coefficient [L M ], DaO, DaN, DaC are Damkohler numbers
(dimensionless), K*O, K*N, and K*C are relative half saturation constants (dimensionless), K*I is relative inhibition constant
(dimensionless).
a

is followed by the corrector


½R n þ ½l nþ1=2 þ ½Q n

nþ1

¼ ½Q n fSgn þ fFgnþ1=2

ð4Þ

The predictor-corrector approximation gives rise to systems
of linear equations with a tridiagonal coefficient matrix that
is easy to solve by the Gaussian elimination method. (The
finite difference decoupling approach combined with the
Thomas algorithm for solving system equations of PDE and
ODE proposed by Runkel and Chapra [1993] provides an
alternate for solving the equations and may have numerical
advantages in some cases.)
[19] The model was verified through comparison with the
analytical solution for steady state Monod kinetics with no
dispersion and no decay [Parlange et al., 1984] (Figure S1
showing the comparison in the auxiliary material)1. By
properly adjusting time steps, we achieved oscillation-free
results for all cases.
2.2.3. Initial and Boundary Conditions
[20] Particulate organic carbon contents were derived
according to observed mean vertical profiles of POC [Gu,
2007]. Microbial biomass for facultative denitrifiers was set
at each depth using data provided by J. M. Battistelli
(unpublished data, 2005), which show a generally exponential decline with depth. The biomass profiles adapted in
simulation were averaged values from measurements of
8 cores, which we take to be representative of our sediment
cores. The total biomass was expressed as an aqueous
concentration, mg L1 of pore water, by using the bacterial

number and a bacterial weight of 1012 g per cell and
measured porosity and bulk sediment density. Although the
spatial distribution of biomass is critical to the model’s
success in reproducing the spatial profiles of constituents of
interest, a precise estimate of biomass was not required
because it is implicitly included as a lumped parameter in
the model, i.e., it appears only as a product with uptake rates
(Table 1).
[21] The boundary conditions chosen to represent the
experimental conditions were a fixed concentration at the
influent end of the column (Dirichlet type) and advective
transport at the exit (Neumann type).
2.3. Parameter Estimation
[22] Prior values or ranges of values for the parameters in
the model were obtained from the literature [Chen et al.,
1992; Doussan et al., 1997; MacQuarrie et al., 1990] or
data collected from the site (e.g., POC content). An effective
pore water velocity and dispersivity were found by fitting
Cl breakthrough data to a 1-D nonreactive transport model
CXTFIT 2.0 [Toride et al., 1995]. The parameter values for
this system have significant uncertainty, and many had to be
estimated using the experimental results in an inverse
procedure. Because there are eight parameters that require
values, we chose to use a sequential approach to the inverse
modeling to minimize the number of parameters to be
estimated by a formal optimization procedure. Parameters
were first eliminated that were approximated from experimental determinations (porosity, bulk density, etc.). For the
rest of parameters, the regionalized sensitivity analysis
(RSA) developed by Hornberger and Spear [1981] was
employed to determine the relative importance of the

1
Auxiliary materials are available in the HTML. doi:10.1029/
2007WR006027.
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parameters in the simulation model and results were used to
select a subset of parameters for optimization.
[23] The RSA procedure involves Monte Carlo simulations, randomly sampling a set of parameter values from
within designated ranges and running the transport model
using the sampled set of values, as follows. We used Latin
Hypercube Sampling [McKay et al., 1979]. Each simulation
run is then classified either as producing acceptable results
(i.e., a simulated steady state NO
3 concentration profile
sufficiently ‘‘close’’ to observed values based on sum of
squared errors (SSE)) or as not producing acceptable results.
The cutoff value was chosen so that about 40% of the SSE
values were smaller and 60% of the SEE values were larger
than the cutoff value. This procedure is then repeated many
times to give an accumulation of values of the parameters
for which results are acceptable and another for which
results are unacceptable. The subset of meaningful parameters that appear to account for the acceptability of the
results is then identified. The distribution of the parameter
values associated with acceptable results is compared with
the distribution of parameter values associated with unacceptable results. If the two distributions are not different, the
parameter is unimportant for simulating the designated
acceptable behavior and is thus dropped for further calibration; if the two distributions differ by a large amount, the
parameter is important and is selected for further calibration
[Hornberger et al., 1986].
[24] The microbial kinetic parameters and physical
parameters were selected independently from uniform distributions over the physically meaningful range of the
parameter [Gu, 2007]. If the parameter is one whose values
can range over several orders of magnitude, the logarithm of
the parameter was chosen from a uniform distribution
[Hornberger et al., 1985]. It was shown by preliminary
model runs that convergence of statistical measures of
model output was achieved if the number of model runs
exceeds ten times the number of varied parameters. Thus
200 Monte Carlo simulations were run for the experiment.
After accumulating the Monte Carlo runs into behavioral
classes, the sensitivity of parameters can be judged by a
comparison of the cumulative frequency distributions
(CDF) of the accepted and rejected cases. A large value
of dm,n, the Kolmogorov-Smirnov two-sample statistic for
the accepted and rejected cases, indicates a sensitive parameter [Hornberger and Spear, 1981]. The set of parameters to which results were deemed sensitive by the RSA
were then fit to the observations from a single experimental
column by minimizing the sum of squared errors between
simulated and observed steady state profile of NO
3.

the loss was presumably due to microbially mediated
denitrification, as no other nitrogenous material in the
effluent was detected that could account for the NO
3 that
entered the column. A sharp oxidation-reduction gradient
occurred within the top 15 cm of the sediment, the region
that corresponded to the organic-matter-rich layer.
[26] When the flow rate through the column was increased, a higher nitrate concentration in the effluent was
obtained, with the approach to the new equilibrium concentration occurring rapidly (Figure 3). When the flow was
reduced back to the initial rate, NO
3 in the effluent
decreased correspondingly and settled at the previous steady
state concentration.
3.2. Modeling Results
[27] Application of the RSA indicated that VO and VN
(the maximum specific uptake rates of the substrate for
aerobic respiration and denitrification, respectively) are the
most important parameters for simulating observed behavior
(dm,n = 0.57 and 0.59 for VO and VN, respectively, shown in
Table 2). This is consistent with the expectation that not
only denitrification but also aerobic respiration affects the
fate of NO
3 . The insensitivity of results to the two DOCrelated parameters, a and Kd (dm,n = 0.12 and 0.14,
respectively, shown in Table 2), indicates that the system
is not limited by DOC. Sensitivity analysis (data not shown)
showed that the NO
3 reduction rate is not limited by DOC
when POC content is at or above 2.1% [Gu, 2007].
[28] The values of all of the insensitive parameters were
fixed at the median value of the ranges chosen as physically
meaningful for the Monte Carlo simulations. The values for
the two parameters identified in the RSA as important (VO
and VN, the maximum uptake coefficient for aerobic
respiration and denitrification, respectively) and for the
important parameter for denitrification kinetics (the Monod
half-saturation constant, KN) were determined by optimization using data from one of the two experimental columns (column one, see Table 3, and Figure S3 showing the
fit of the model results after calibration with experimental
data is available in the auxiliary material).
[29] The calibrated model was tested against the experimental results from the other experimental column (column two). There is reasonable agreement between model
predictions and the transient profile data (Figure 2). The
rapid approach to steady state NO
3 concentration profiles
was successfully reproduced with the model (Figure 2 and
Figure S2 showing simulated oxygen and DOC transient
profiles in the auxiliary material), and the evolution of NO
3
in the effluent with varying flow velocity is also replicated
well by the model simulation (Figure 3).

3. Results

3.3. Dimensional Analysis
[30] Moving beyond our experimental results to the more
general case, there are four characteristic parameters, DaO,
DaN, Pe, and DaC (Table 1), that control biodegradation
during transport. DaO, DaN, and DaC are defined as Damkohler numbers of aerobic respiration, denitrification, and
POC dissolution, respectively. A Damkohler number is a
dimensionless number relating the timescale for reaction to
the timescale for advection. The Peclet number, Pe, is a
dimensionless number relating a timescale for advection to a
timescale for dispersion. When organic carbon is not
limiting, DaO, DaN and Pe are three factors determining

3.1. Experimental Results
[25] The transient migration of a NO
3 front was measured. A steady state NO
3 profile developed after 40 h
(1.5 pore volume) of column operation (Figure 2). The rapid
establishment of steady state conditions is due to the
indigenous microbes in the intact cores that have adapted
to the electron acceptors O2 and NO
3 existing in the
groundwater at the field site. The NO
3 concentration in
the effluent was substantially lowered (20% of influent
concentration) under steady state conditions. The cause of
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Figure 2. NO3 transient profiles of column two during the step input for simulation with 1.1 and
percnt; POC content at v = 2 cm h1. Initial NO3 concentrations were zero through the column. Flow
direction is upward.

NO
3 transport. Given the fact DaO correlates tightly to DaN
in most case (i.e., both aerobic respiration and denitrification are conducted by the facultative denitrifier), we chose
to address the effect of DaN and Pe on NO
3 removal. We
also examined the effect of influent NO
3 concentration on
nitrate removal as this value appears in the dimensionless
equations because of the nonlinearity of the Monod kinetic
term.
[31] DaN and Pe jointly affect the magnitude of nitrate
removal during transport (Figure 4a). The fraction of NO
3
removed increases as the magnitude of DaN increases. No
measurable nitrate loss occurred at low DaN (<1), because
biodegradation is constrained by either the very short
residence time (i.e., rapid flow) or very low reaction rate
(i.e., lack of biomass). In the case of fixed DaN,the fraction
of nitrate removed also increases as the magnitude of Pe
increases and reaches a plateau when Pe > 10, so increasing
flow velocity at high flow rates will decrease NO
3 loss by
decreasing the Damkohler number only and not by changing the Peclet number. Maximum removal is achieved at
high values of both Pe (>10) and DaN (>20).

[32] Insignificant NO
3 loss occurred at very low Pe (<1)
due to diffusion-limited biodegradation. In this low-Pe
region, increasing pore water velocity will increase Pe,
representing an increase in the supply of carbon substrate
to the microorganisms. Consequently, the NO
3 removal
increases. Increases in velocity, however, not only increase
Pe but also decrease DaN. These effects act in the opposite
directions to influence NO
3 removal. Nitrate loss therefore
will depend on the balance between the hydrological and
biogeochemical factors.
[33] The nonlinearity of Monod kinetics of denitrification
leads to the appearance of the influent nitrate concentration
(N0) in the dimensionless equations (second nondimensional equation in Table 1). The fraction of removal of NO
3
decreases when NO
3 concentration in influent increases
(Figure 4b).

4. Discussion
[34] Groundwater– surface water interfaces are biogeochemically active zones in which hydrological transport can
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Figure 3. Measured and simulated effluent nitrate breakthrough in response to applied stepwise
increased flow rates for column two.

influence nutrient loading from groundwater discharging to
surface water [Duff and Triska, 2000; Sheibley et al.,
2003a]. The region of highest reactivity is often a narrow
one adjacent to the stream channel. This situation indicates
that experiments with intact sediment cores can be used to
study in situ conditions as long as natural chemical
gradients and biomass distributions are mimicked and the
flows that influence biogeochemical processes are accurately simulated. At Cobb Mill Creek, a sediment core of
around 50 cm in length is sufficient to study NO
3
reduction under natural groundwater discharge conditions
of upward flowing groundwater moving vertically through
the streambed sediments with little hyporheic mixing.
When NO
3 was pumped through such columns, a high
denitrification capacity was observed in the last 20 cm of
the flow path, and a chemical profile similar to the in situ
pore water profiles found in the field site developed
[Galavotti, 2004]. The rapid removal of NO
3 indicates
excess carbon availability in the sediment. These findings
are similar to those in perfusion core experiments by
Sheibley et al. [2003a].
[35] Our results showing that effluent nitrate concentrations increase with increasing flow rates have implications
for delivery of nitrate to coastal streams. Seasonal discharge
variability and transient hydrological events will change
groundwater flow velocity and, thus associated NO
3 loading significantly. For example, if groundwater velocity were
to increase in storm events, high concentration of NO
3
could be released to the surface water because of the lower
residence time in sediments near the GSI.
[36] Although we assumed the DOC concentration to be
limited by the amount of POC and the rate of conversion to
dissolved form, our results show that in Cobb Mill Creek
sediments, DOC is not limiting. Approximately steady state
conditions have been maintained for several months in
flow-through columns, indicating that there is a large

organic carbon pool in the sediments that is not easily
depleted by microbial degradation. The carbon release Damkohler number, DaC, is relatively high for our site. Thus, as
long as POC is available, carbon is not limited by the
processes of dissolution and desorption. A characteristic time
for depletion of DOC is embodied in the coefficient a (fourth
dimensional equation in Table 1). The maximum rate of
depletion is eat. For a 1-month period, eat is about 0.7, so
only 30% of the material would be lost. In this area of
Virginia, it is safe to assume that hydrological events would
bury new POC in the streambed sediments on a timescale that
would replenish POC prior to significant depletion. The
simple assumption of excess DOC supply [Ocampo et al.,
2006] is met in the streambed sediments underlying the GSI
where denitrification is active at our site.
[37] The parameter values of the transport model for
simulating the transient state and steady state utilization of
multiple electron acceptors (O2 and NO
3 ) during groundwater seepage for our sediments is consistent with published
results. Half-saturation constants of nitrate (KN) in studies

Table 2. Results of the Kolmogorov-Smirnoff Test for the
Transport Model
Parameter

Symbol

dm,na

Maximum uptake coefficient of aerobic respiration
Maximum uptake coefficient of denitrification
Inhibition constant of O2
Monod half-saturation constant for O2
Monod half-saturation constant for NO
3
Monod half-saturation constant for substrate
Mass transfer coefficient
Distribution coefficient

VO
VN
KI
KO
KN
KC
a
Kd

0.57
0.59
0.17
0.17
0.10
0.12
0.12
0.14
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Value of maximum distance in the Kolmogorov-Smirnov test.
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Table 3. Input Parameters for the Laboratory Simulation of
Column One
Parameter

O2/NO
3

Maximum specific growth
rate, VO and VN, h1
Half-saturation constant of electron
acceptors, KO and KN, mg L1
Half-saturation constant of electron
donor, KC, mg L1
Uptake coefficient, b
Mass transfer coefficient of
POC, a, h1
Distribution coefficient of
DOC, Kd, L kg1
Inhibition constant, KI, mg L1
Longitudinal grid spacing, cm
Column length, L, m
Effective porosity, e
Longitudinal dispersion coefficient,
D, cm2 h1
Linear velocity, n, cm h1
Simulation time, h
Time step size, h
O2 for x = 0, O0, mg L1
1
NO
3 for x = 0, N0, mg L
DOC for x = 0, C0, mg L1

1.9a/1.6a
0.2/2a
1/1
2/2
5  105
50
0.01
1
0.5
0.28
4
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must be depleted before denitrification can become effective
and the oxygen consumption reaction zone changes with
flow rate: an increase in pore water velocity decreases the
thickness of the anaerobic zone because the oxygen front
propagates farther into the column. Consequently, the zone
in which denitrification can occur shrinks, resulting in
higher effluent nitrate concentrations.
[39] For our site, the Peclet number and the Damkohler
numbers for both oxygen and nitrate are high (Pe = 25,
DaN = 47.5, and DaO = 40). Thus we are in a region where
changes in DaN will dominate the response in terms of net
nitrate removal (Figure 4a). The results of our dimensional
analysis show that this will be the case whenever the Peclet
number is sufficiently high. In these cases, the proposal of
Ocampo et al. [2006] that a Damkohler number can explain
observed variation in nitrate removal rates will hold. In
cases where Pe falls below about 5, however, changes in

2.0
340
0.2
8
15
0

a

Calibrated with experimental results.

of denitrification in soil and sediment range from 0.21 to
4.06 mg N L1, with most values reported between 1 and
4 mg N L1 [Esteves et al., 1986; Murray et al., 1989;
Oremland et al., 1984]. The half-saturation constant of NO
3
in the calibrated model was 2 mg N L1, a value comparable to many of the published values, for example 3.06 mg
N L1 [Messer and Brezonik, 1984], 2.1 mg N L1
[Schipper et al., 1993], and 1.25 mg N L1 [Maag et al.,
1997]. Our study shows a mean apparent maximum denitrification rate Va value of 1.1 mg N L1 h1(defined as =
VN*X (first and second dimensional equations in Table 1)),
comparable to the value of 1.51 mg N L1 h1 found in the
upper horizon in a wet meadow soil [Maag et al., 1997],
0.46 mg N L1 h1 in riparian soils [Schipper et al., 1993],
1.8 mg N L1 h1 in agricultural soils and a pond sediment
[Murray et al., 1989],and 1.26 mg N L1 h1 measured in a
lake sediment at 35.5°C [Messer and Brezonik, 1984].
Sheibley et al. [2003b] observed a mean first-order rate
coefficient for denitrification of 1.5 h1, which would imply
a Va of 3 mg N L1 h1 assuming a half-saturation constant
of 2 mg N L1. Our Va value, however, is several orders of
magnitude higher than those Va values converted from firstorder rate coefficients for denitrification reported in several
studies from soil systems [Starr et al., 1974]. The relatively
high reaction rates in this study may typify streambed (or
other wet) environments with continually renewed substrates and nitrate.
[38] The dependence of NO
3 reduction on flow rate
demonstrates that the redox reaction is kinetically controlled; or, in other words, the timescale for NO
3 reduction
is on the order of the timescale for advective transport. The
NO
3 removal decreases as the ratio of reaction to transport
rates decreases. This is because as the flow rate increases,
the solute residence time in the reactive zone is shortened
resulting in lesser extent of reaction. Furthermore, oxygen

Figure 4. (a) Response surface of fraction of NO3
removal to DaN number and Peclet number and (b) response
surface of fraction removal to DaN and the influent NO3
concentration (Nin). All the other parameters are held
constant as those in baseline simulation.

8 of 10

W12413

GU ET AL.: NITRATE ATTENUATION DURING GROUNDWATER DISCHARGE

both the Pe and the Da as a result of variations in flow rates
will exert control on net nitrate removal.
[40] For our site, the influent concentration of NO
3 is
about 15 mg L3, corresponding to the region where the
fraction of NO
3 removal is influenced by the change of

influent concentration of NO
3 (Figure 4b). Only when NO3
concentration is much lower than the half-saturation constant KN, i.e., 2 mg L3 NO
3 -N in the present case, is the
removal
independent
of influent concenfraction of NO
3

tration of NO
3 . In most cases, however, NO3 concentration
is high (>EPA drinking water standard which is 10 mg L1
NO
3 -N) in polluted aquifers. Under such conditions it is
essential to include the nonlinear effect of influent concentration on Monod reaction kinetics in the transport model in
order to evaluate the NO
3 removal.
[41] Our results indicated that most of the NO
3 (>80%)
that is being transported through streambed sediment at the
hillslope site at Cobb Mill Creek is removed by uptake in
sediments near the GSI. Two conditions are generally
necessary for streambed sediment removal to be significant.
First, timescales of the chemical reaction and pore water
transport in the streambed must be similar, and second, the
water flow must be fast enough to avoid diffusion-limited
conditions. If these conditions are met for a major portion of
the stream length, streambed sediment removal of nitrate is
likely be effective at the catchment scale.
[42] Ocampo et al. [2006] proposed using a Damkohler
number based on a first-order reaction for nitrate removal to
explain how hydrological and biogeochemical processes
occurring within a riparian zone interact to effect net nitrate
removal. We have presented a generalization of this approach to include potential effects of multiple electron
acceptors and the relative importance of dispersion to
advection. In principle, the various dimensionless groups
in our formulation are related to several measurable physical
and biogeochemical factors. The microbial reaction rate
constant is mainly determined by organic matter content
supplied by stream riparian vegetation and seepage velocity
depends on physical properties of the sediment and the
hydraulic gradient, which is determined by landscape topography. The nutrient buffer capacity of riparian zones will
depend on the complex combination of all these landscape
and hydrogeomorphologic variables. Further work is required to determine if the generalized framework proposed
here can lead to a deeper understanding of how the various
factors interact to affect net nitrate removal [Ocampo et al.,
2006; Vidon and Hill, 2004]. A combination of a Peclet
number and Damkohler numbers may provide an index to
define wide variations in the efficiency of riparian zones as
a nutrient buffer, such as the tenfold differences in NO
3
export from adjacent catchments observed in the Canadian
Shield [Schiff et al., 2002] and observation of high nutrient
buffer capacities of riparian zones [Hedin et al., 1998; Hill
et al., 2000] in some areas versus the poor nutrient buffer
effect of riparian zones found elsewhere [Puckett and
Hughes, 2005].
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